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Abstract
1. Predicting species' range shifts under future climate is a central goal of conserva-

tion ecology. Studying populations within and beyond multiple species' current 
ranges can help identify whether demographic responses to climate change ex-
hibit directionality, indicative of range shifts, and whether responses are uniform 
across a suite of species.

2. We quantified the demographic responses of six native perennial prairie species 
planted within and, for two species, beyond their northern range limits to a 3-year 
experimental manipulation of temperature and precipitation at three sites span-
ning a latitudinal climate gradient in the Pacific Northwest, USA. We estimated 
population growth rates (λ) using integral projection models and tested for op-
posing responses to climate in different demographic vital rates (demographic 
compensation).

3. Where species successfully established reproductive populations, warming nega-
tively affected λ at sites within species' current ranges. Contrarily, warming and 
drought positively affected λ for the two species planted beyond their northern 
range limits. Most species failed to establish a reproductive population at one 
or more sites within their current ranges, due to extremely low germination and 
seedling survival. We found little evidence of demographic compensation buffer-
ing populations to the climate treatments.

4. Synthesis. These results support predictions across a suite of species that ranges 
will need to shift with climate change as populations within current ranges be-
come increasingly vulnerable to decline. Species capable of dispersing beyond 
their leading edges may be more likely to persist, as our evidence suggests that 
projected changes in climate may benefit such populations. If species are unable 
to disperse to new habitat on their own, assisted migration may need to be con-
sidered to prevent the widespread loss of vulnerable species.
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1  | INTRODUC TION

With ongoing climate change, many species will need to shift their 
geographic ranges to persist. Indeed, multiple species have already 
shifted poleward and/or to higher elevations to track favourable 
climatic conditions (Chen, Hill, Ohlemuller, Roy, & Thomas, 2011; 
Parmesan, 2006; Parmesan & Yohe, 2003; Thomas, 2010), al-
though the magnitudes and patterns of range shifts vary substan-
tially across taxa (MacLean & Beissinger, 2017). Range shifts have 
widespread consequences for ecosystem services (Pecl et al., 2017; 
Walther, 2010), and, if species are unable to shift their ranges rap-
idly enough, may further exacerbate biodiversity losses (Dawson, 
Jackson, House, Prentice, & Mace, 2011). Anticipating such effects 
must start with better predictions of how climate change will impact 
populations across species' geographic ranges.

Species range distributions are controlled by a complex set of 
factors including dispersal ability (Sexton, Mcintyre, Angert, & 
Rice, 2009), biotic interactions (Araújo & Rozenfeld, 2014; Louthan, 
Doak, & Angert, 2015) and tolerance of abiotic conditions, with climate 
often assumed to be the primary driver of broad distributional pat-
terns across latitudinal and elevational gradients (MacArthur, 1972; 
Thomas, 2010). The overall effect of climate on population dynamics 
is driven by its composite effects on different vital rates (i.e. sur-
vival, growth, fecundity and recruitment). As temperatures increase, 
populations towards the warmer edges of a range may decline due 
to decreasing performance in one or more vital rates, leading to lo-
calized extinctions and potential range contractions at their trailing 
edges (Lesica & Crone, 2017; Panetta, Stanton, & Harte, 2018; Sheth 
& Angert, 2018). At the same time, climatic conditions near or be-
yond the cooler edge of a range may become increasingly favour-
able with warming (Rehm, Olivas, Stroud, & Feeley, 2015), leading 
to range expansions or shifts. Recent evidence, however, suggests 
that populations throughout a species range, not just at the warmer 
edges, may be at risk of decline if populations are locally adapted to 
climate (Peterson, Doak, & Morris, 2018). Demographic studies that 
can predict whether populations will decline or disappear towards 
the warmer range edges and/or expand at the cooler range edges are 
necessary to predict whether and how ranges will shift with future 
climate change.

Complicating the population-level effects of climate change are 
potentially opposing positive or negative effects on different vital 
rates, termed demographic compensation, which can buffer popu-
lations against perturbations (Doak & Morris, 2010; Villellas, Doak, 
García, & Morris, 2015). For example, Peterson et al. (2018) found 
that opposing survival and growth responses of the alpine plant 
Silene acaulis to warming contributed to the species' ability to per-
sist across its range, while Oldfather and Ackerly (2019) found that 
inverse relationships in rates such as adult survival and germination 
contribute to stable population growth across a microclimate gra-
dient in the alpine plant Ivesia lycopodioides. While demographic 
compensation may theoretically allow for a species to persist in its 
current range in the face of climate change, the presence of compen-
sation does not guarantee long-term persistence, as extreme years 

may exceed a threshold at which the vital rates benefitting from 
climate change are outweighed by those being hindered (Doak & 
Morris, 2010; Sheth & Angert, 2018). Instead, species may be faced 
with a situation in which demographic compensation manages to 
slow the rate of decline but not rescue populations altogether.

To effectively address how climate change will impact popula-
tions across geographic ranges and whether species will need to shift 
their ranges to persist, manipulative experiments across environ-
mental gradients are critical (Dunne, Saleska, Fischer, & Harte, 2004; 
Pfeifer-Meister et al., 2013). In particular, incorporating transplants 
of species to locales beyond their current limits allows for the di-
rect testing of whether such species have the capacity to establish 
a population and persist beyond their current range limits (Baer & 
Maron, 2018; Gaston, 2009; Hargreaves, Samis, & Eckert, 2014). 
Since studies documenting changes in only one or a few demo-
graphic parameters can be misleading (Gaston, 2009), experiments 
that use population models to integrate the combined effects of cli-
mate across the entire life cycle are most compelling in this regard.

Previously (2010–2012), we used a fully factorial warming (+2.5°C)  
and precipitation (+20%) experiment at three sites spanning a latitu-
dinal climate gradient of increasing temperature and summer drought 
severity from north to south in the Pacific Northwest (PNW), USA 
to study the vital rates of 12 native prairie species planted within 
and beyond their northern range limits (Pfeifer-Meister et al., 2013). 
Our key finding was that warming decreased recruitment within 
but not beyond a species' current range. However, this earlier study 
did not last long enough to allow perennial species to mature and 
thus could not be used to calculate overall population growth rates. 
Furthermore, the effect of warming was confounded by a strong 
reduction in soil moisture that is typical of warming treatments 
(Rustad et al., 2001). Here, we updated this experimental design 
with a drought treatment (−40% annual precipitation) replacing the 
minimally impactful +20% precipitation treatment, and a warming 
plus precipitation treatment that added enough moisture to offset 
the drying effect of warming. We measured vital rates and, using 
integral projection models (IPMs), calculated the population growth 
rates for six perennials, including two ‘range-restricted’ species 
whose northern range limits occur within our study area, from 2016 
to 2018 at three experimental sites (the same southern and central 
sites as in Pfeifer-Meister et al. (2013) and a new northern site). 
IPMs have become widely adopted given their ability to accommo-
date both discrete and continuous states in projecting population 
dynamics, and there are many useful examples in the literature de-
scribing their implementation and methods (Ellner & Rees, 2006; 
Merow et al., 2014; Rees, Childs, & Ellner, 2014). To our knowledge, 
this is the first study incorporating both climate manipulations and 
a latitudinal climate gradient to conduct full-scale demographic 
modelling of multiple species planted both within and beyond their 
northern limits. In this study we ask:

1. Do prairie plant population growth rates change over a lati-
tudinal gradient within their current range limits? Is warming 
and/or drought detrimental to populations within their ranges?
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2. Are the range-restricted perennial species capable of establish-
ing when planted north of their cooler edges? Is warming and/or 
drought benign for such pioneering populations?

3. Which vital rates contribute most substantially to climatic ef-
fects on population dynamics? Is there evidence of demo-
graphic compensation buffering population responses to climate  
change?

We hypothesized that, due to climate warming in the recent 
past, population growth rates will increase from south to north, 
and that the range-restricted species will be capable of establishing 
when planted at sites north of their current leading edges. Within 
species' current ranges, we expected warming and/or drought to 
decrease population growth rates relative to controls, but to be 
neutral or beneficial for populations of the range-restricted spe-
cies that establish at the sites north of their ranges. Lastly, where 
there are no effects of climate treatments on population growth 
rates, we expected some species to show evidence of demographic 
compensation.

2  | MATERIAL S AND METHODS

2.1 | Experimental design

The experiment took place from 2015 to 2018 at three sites across a 
520 km latitudinal Mediterranean climate gradient in the PNW, USA 
(Figure 1). Each site contained 20 plots (each 7.1 m2) randomly assigned 
to one of four climate treatments: control (ambient temperature and 
precipitation), drought (ambient temperature with annual precipitation 
reduced by 40%), warming (canopy temperature raised by 2.5°C with 
ambient precipitation) and warming + precipitation (canopy tempera-
ture raised by 2.5°C and irrigated to offset a warming-induced drying 
effect). Complete details about climate treatment implementation can 
be found in the Supplemental Methods.

The southern and central sites had an experimental legacy from 
2010 to 2012 (Pfeifer-Meister et al., 2013, 2016), with some adult 
individuals of the focal species remaining from the previous exper-
iment (which we included when collecting data in the current ex-
periment), while the northern site was newly established in 2015. 

F I G U R E  1   (A) Map of the southern, central and northern experimental sites (black dots) and the southernmost and northernmost known 
populations (squares and triangles, respectively) of the six perennial focal species west of the Cascade and Sierra mountain divides. See 
Supplemental Methods for details regarding species' range limits. From north to south, the Puget Lowland, Willamette Valley and Klamath 
Mountain ecoregions are highlighted in dark grey. (B) Mean annual temperatures and (C) annual precipitation over the period 1981–2010 
(boxplots) and during the two annual transitions of this study (symbols) using the annual interval of 15-July to 14-July (data obtained from 
PRISM: http://www.prism.orego nstate.edu/). This annual interval was chosen as it encapsulates an entire growing season beginning before 
the onset of fall green-up and ending just after wilting point is reached

http://www.prism.oregonstate.edu/
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Between October 2014 and January 2015, plots at the southern 
and central sites were mowed and raked, while the northern plots 
were treated with herbicide (2% Glyphosate) three times to reduce 
the thick cover of introduced pasture grasses (a typical prairie res-
toration technique in the PNW). In January 2015 to establish similar 
baseline communities, we seeded all plots with a consistent mix of 
29 native grass and forb species found in PNW prairies (including our 
focal species; Table S1).

Our demographic study centred on six focal perennial species 
(Table 1; see Supplemental Methods for more detailed descriptions). 
All species were selected for having medium to high fidelity to up-
land prairies with their northern range limits occurring within the 
PNW (42–50°N) and their southern limits occurring below the lati-
tude of our southernmost site (Figure 1; see Supplemental Methods 
for determining species' range limits). In fall 2015, 2016 and 2017, 
for each focal species and plot, we sowed 25 seeds into each of eight 
5.5-cm diameter plastic rings, using different rings each year (for a 
total of 200 seeds per species per plot per year, with two exceptions: 
150 seeds within six rings per plot for Ranunculus austro-oreganus 
in 2015 due to seed quantity limitations, and 250 seeds within five 
rings per plot for Achnatherum lemmonii in 2017 due to space limita-
tions). To allow for local adaptation, we used the nearest available 
seed sources for each site (Table S2). Due to low rates of germina-
tion with strong site differences in the field (see Section 3), we also 
conducted a greenhouse germination experiment in fall 2018 with 
field-collected soil to test whether these results were the conse-
quence of soil differences across sites (see Supplemental Methods).

Lastly, to implement a treatment to examine the effect of above-
ground competition on species' responses to the climate treatments, 
we initiated a biomass removal treatment in winter to early spring of 
2017. In half of each plot, we reduced the presence of non-focal spe-
cies with a combination of weeding and clipping. However, we found 
it impossible to regularly and consistently conduct this treatment 
throughout the growing season at all three sites, so we abandoned 

the treatment near the end of the 2017 growing season. To account 
for a potential treatment effect in 2017 or a legacy effect in 2018, 
we included a biomass removal treatment in our vital rate models.

2.2 | Demographic data and analyses

In 2016, 2017 and 2018, we marked and measured each individual 
in the plots and tracked them through subsequent years. To quan-
tify germination and seedling survival, we conducted 2–4 cen-
suses each winter-spring of the rings into which seeds had been 
added, counting the number of germinants and marking seedlings 
for subsequent tracking. During the final census of each spring, we 
recorded each existing plant's survival or death from the previous 
year and measured size and reproduction. To estimate the num-
ber of seeds each reproductive individual produced, we collected 
data on the number of flowers or spikelets per plant, the fraction 
of flowers becoming fruits, and the number of seeds per fruit. In 
some cases, for seed production, we only had data from a single 
site and/or a single year to provide estimates, as well as from a few 
natural populations in areas surrounding our study sites. Details 
on specific size and reproduction data collected for each species 
can be found in the Supplemental Methods. We then modelled all 
vital rates as functions of climate treatments and, where appro-
priate, plant size and then used IPMs to integrate vital rates into 
estimates of population growth rates for each annual transition for 
each level of the experimental treatments. Using these IPMs, we 
conducted life table response experiments (LTREs) to identify the 
contributions of grouped vital rates to differences in λ between 
treatments and controls (Caswell, 1989).

All the following analyses were conducted using r version 3.3.2 
(R Core Team, 2016). We modelled the probabilities of binomial re-
sponses [survival, reproduction, fruit to flower ratio (for Sidalcea 
malviflora), and germination] using generalized linear mixed models 

Perennial species Family
Growth 
habit

S-limit 
Lat

N-limit 
Lat

N-limit 
region

Ranunculus austro-oreganus 
L.D. Benson

Ranunculaceae Forb 42.05° 42.60° KM

Sidalcea malviflora (DC.)  
A. Gray ex Benth. ssp. 
virgata (Howell) C.L. Hitchc.

Malvaceae Forb 42.00° 45.35° WV

Microseris laciniata (Hook.) 
Sch. Bip.

Asteraceae Forb 37.85° 48.21° PL

Achnatherum lemmonii 
(Vasey) Barkworth var. 
lemmonii

Poaceae Grass 32.84° 48.84° WD

Festuca roemeria  Poaceae Grass 35.30° 49.90° PL

Danthonia californica Bol. Poaceae Grass 32.99° 50.13° WC

Abbreviations: KM, Klamath Mountains; PL, Puget Lowlands; WC, widespread and common; WD, 
widespread and disjunct; WV, Willamette Valley.
aVariety roemeri Yu. E. Alexeev at the central and northern sites; variety Klamathensis B.L. Wilson 
at the southern site. 

TA B L E  1   Descriptions of the six 
focal species. S-limit and N-limit Lats 
give the latitudes of the southernmost 
and northernmost known populations, 
respectively, within the species' 
contiguous ranges west of the Cascade 
and Sierra mountain divides. We 
determined whether a species is within 
or beyond its current range at our three 
experimental sites based on these values 
(see ‘Determining species' range limits’ in 
Supplemental Methods for details)
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with binomial error distribution and logit-link functions. We mod-
elled mean growth and variance in growth (the squared-residuals of 
the growth model) using general linear mixed models, and various 
reproductive output parameters (flowers/spikelets per plant, seeds 
per flower/spikelet, etc.) with either general linear mixed models 
or generalized linear mixed models with Poisson error distribution 
(Gaussian if responses were based on averaged values, Poisson if 
total counts; see species descriptions in Supplemental Methods). 
We treated adult survival, reproduction, mean adult growth, growth 
variance and flowers/spikelets per plant as size-dependent vital 
rates, using both linear and quadratic effects of size. We used the 
lme4 package (version 1.1-17; Bates, Mächler, Bolker, & Walker, 
2015) for mixed models, treating plot (or population for data from 
natural populations) as a random effect, except in one circumstance 
(A. lemmonii adult survival) in which we lacked enough data to in-
clude a random effect.

For each species and most vital rates (see Table S3 for excep-
tions), we built two global models: a climate global model (using the 
climate treatment variable with four levels: control, drought, warming 
and warming + precipitation) and a warming global model (collaps-
ing the climate treatment into two temperature categories: ambient 
(control and drought) and warming (warming and warming + precip-
itation)). We used this collapsed warming treatment (in addition to 
the full climate treatment) because preliminary data exploration and 
evidence from previous experiments at these sites suggest changes 
in temperature have a stronger influence than changes in moisture 
on plant responses in this system (Pfeifer-Meister et al., 2013; Reed 
et al., 2019) and we gained degrees of freedom in doing so.

Both global models included all possible two-way interactions 
(and all possible main effects) involving site, climate or warming 
treatment, year and plant size (for size-dependent vital rates), plus 
a quadratic size term (size2), and the main effect of the biomass re-
moval treatment or a site × biomass removal treatment interaction 
for 2017/2018 germination (which could support such an interac-
tion). We modelled 2016 germination separately from 2017/2018 
since the sites did not have all climate treatments initiated yet. If 
a species had a constant failed response (e.g. no survival or repro-
duction) in a binomial vital rate at a given site, we dropped that 
site from that vital rate model to avoid a singular-fit issue (six sites 
dropped out of 73 possible cases; see Notes column in Table S3). 
Using the ‘dredge’ function from the mumIn package (Barton, 2018), 
for both global models we compared all nested models with AICc 
and identified the best-fit model for each vital rate (Burnham & 
Anderson, 2004). On a few occasions, we removed quadratic size 
effects from models if they caused biologically unrealistic predic-
tions towards the extremes of the size range. If the biomass removal 
treatment remained in the best-fit model for a vital rate, we used the 
non-weeded level when predicting that vital rate for the IPMs.

To synthesize the vital rate estimates into estimates of the pop-
ulation growth rate (λ), we built IPMs for each climate treatment at 
each site during both annual transitions. We did not fit an IPM at 
sites where we could not estimate the main effect of that site in one 
or more vital rate models for a species (e.g. if we were unable to 

estimate reproduction due to no individuals surviving to reproduc-
tive age). In our IPMs, we used plant size as our continuous state 
variable but included a discrete seedling stage. We set size limits to 
be just outside the maximum and minimum observed sizes across 
all sites, and discretized vital rate functions into 200 size bins using 
the midpoint rule (Easterling, Ellner, Dixon, & Mar, 2000; Ellner & 
Rees, 2006). We estimated growth probabilities of adults and seed-
lings as the differences of the cumulative distribution function (CDF) 
at size bin boundaries (Dibner, Peterson, Louthan, & Doak, 2019). 
For seedlings surviving to the next year, we used distributions of 
possible sizes based on empirical CDFs fit to the parameters found 
in the best-fit seedling growth models (Table S3). We determined the 
predicted number of recruits produced by a reproductive individual 
at a given size as the product of the individual's reproductive output 
(total seeds: determined by its flower (or spikelet/etc.) production, 
the fruit to flower ratio (if applicable) and seeds per flower) and the 
germination rate. We calculated λ as the dominant eigenvalue of 
each discretized IPM matrix and estimated bias-corrected 95% con-
fidence intervals for λ by resampling the coefficients of each vital 
rate function 1,000 times using their means and covariance matri-
ces and recalculating λ for each bootstrap replicate. We tested for 
statistical significance of a treatment effect on λ relative to the con-
trol by calculating the differences in λ between the treatment and 
control for each of the 1,000 resamples and then calculating 95% 
confidence limits in those differences. A treatment has a significant 
effect on λ if those confidence limits do not overlap zero. The λ val-
ues we computed for each annual transition, as well as the vital rate 
contributions from LTREs (see following paragraph), are the asymp-
totic values that would be reached if the vital rate values during that 
transition remained constant.

Following bootstrap iterations of IPMs, we used the ‘LTRE’ func-
tion in the popbIo package (Stubben & Milligan, 2007) to determine the 
extent to which differences between climate treatments and controls 
in λ could be attributed to differences in the survival/growth (S/G) of 
seedlings, S/G of adults or fecundity. We obtained the LTRE contri-
butions for each element of the discretized S/G matrix and fecundity 
matrix that constitute the IPM (e.g. approach two in Griffith, 2017). 
Sensitivities were evaluated midway between the treatment and con-
trol matrices (Caswell, 2001) and adult (non-seedling) contributions 
were summed over size bins. We utilized bootstrapped IPM matrices 
to estimate bias-corrected 95% confidence intervals in LTRE contribu-
tions. A contribution is significant when confidence intervals do not 
overlap zero. Evidence of demographic compensation under a climate 
treatment would exist if vital rates exhibited opposing contributions to 
differences in λ (Villellas et al., 2015).

3  | RESULTS

Population growth rates (λ) varied substantially across species, an-
nual transitions and sites (Figure 2). We were unable to fit an IPM 
at one or more sites for four of the six species due to their inability 
to establish a reproductive population (hereafter: ‘establish’) over 
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the course of the experiment. This outcome was most common at 
the southern site, where only R. austro-oreganus and S. malviflora 
reached reproductive status. At the central and northern sites, two 
of the six species failed to establish (Microseris laciniata and A. lem-
monii at the central site and Danthonia californica and A. lemmonii at 
the northern site). For the three species that established at more 
than one site, R. austro-oreganus and Festuca roemeri exhibited in-
creasing λ from south to north while S. malviflora performed lowest 
at the central site, where it naturally occurs (Figure 2).

In all but one case within current ranges, the warming treatments 
had neutral to significantly negative effects on λ relative to the con-
trols (Figure 2: green backgrounds; Table S4). The lone exception 
was a positive effect under warming for D. calfornica in 2016–2017, 
but this switched to a negative effect in 2017–2018. In contrast, the 
warming treatments had neutral to significantly positive effects on 
λ at sites beyond the northern limits of the two range-restricted 
species, R. austro-oreganus and S. malviflora (Figure 2: white back-
grounds; Table S4). In general, the warming and warming + precip-
itation treatments had similar effects on λ relative to the controls. 
The drought treatment had neutral to significantly positive effects 
whether within or beyond ranges for R. austro-oreganus and S. malvi-
flora, and a single significantly positive and negative effect within 

ranges for M. laciniata and D. californica respectively (Figure 2; 
Table S4). Overall, negative effects of the warming treatments 
within current ranges were of greater magnitude and more frequent 
than those of the drought treatment.

Life table response experiments revealed the extent to which 
differences between climate treatments and controls in the survival/
growth (S/G) of seedlings, S/G of adults and/or fecundity contrib-
uted to differences in λ. We found no consistent evidence for de-
mographic compensation: in most cases, a given climate treatment 
affected all three sets of vital rates in the same direction relative to 
control (i.e. all positive or all negative contributions; Figure 3). While 
the LTREs provide contributions of grouped vital rates, in many cases 
only one of the vital rates within a group (e.g. only seedling survival 
OR growth, not both) was involved in the contribution. Specific vital 
rate results can be found in the Supporting Information (best-fit 
model results: Figures S1–S16; best-fit model structures: Table S3; 
best-fit model coefficients: Table S5; all candidate models with 95% 
of the cumulative Akaike weights: Table S6).

The inability of most species to establish populations at one or 
more sites was mostly driven by extremely low rates of germination 
and seedling survival. Despite sowing thousands of seeds per spe-
cies per site during each fall of 2015, 2016 and 2017, few germinated 

F I G U R E  2   Population growth rates (λ) under climate treatments (control, drought, warming and warming + ppt) for five perennial species 
at the southern, central and northern experimental sites for 2017–2018 and 2016–2017. Species are arranged from left to right in ascending 
order of northern range limit. Lack of λ values at a given site for a species indicates that we did not fit an integral projection model (IPM) 
because the species did not establish a reproductive population. Achnatherum lemmonii is excluded entirely from the figure since we could 
not fit an IPM at any site. λ values are depicted with bias-corrected 95% confidence intervals obtained by resampling the coefficients of 
each vital rate function 1,000 times using their covariance matrices. We tested for statistical significance of a treatment effect on λ relative 
to controls, as indicated by *, by calculating the differences in λ between the treatment and control for each of the 1,000 resamples and 
then calculating 95% confidence limits in those differences (see Table S4). λ overlapping 1.0 (dashed line) = estimated stable population, 
λ < 1.0 = estimated declining population and λ > 1.0 = estimated growing population. Note the differing scales across species
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F I G U R E  3   Life table response experiment (LTRE) results for (A) 2017–2018 and (B) 2016–2017 to determine the extent to which 
differences in population growth rates (λ) between each climate treatment (drought, warming or warming + ppt) and the controls can be 
attributed to differences in the survival/growth (S/G) of seedlings, S/G of adults or fecundity. Where a species lacks data at a given site due 
to failed establishment, we could not conduct an LTRE. Achnatherum lemmonii is excluded entirely from the figure since it failed to establish 
at any site. Contributions of each vital rate group are depicted with bias-corrected 95% confidence intervals by utilizing bootstrapped IPM 
matrices generated by resampling the coefficients of each vital rate function 1,000 times using their covariance matrices. A vital rate group 
has a significant contribution towards a treatment's effect on λ relative to the control if its confidence interval does not overlap zero. Note 
the differing scales across species and annual transitions
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and survived to adulthood. Across all species, these critical early-life 
vital rates were significantly lower where species failed to establish 
compared to where species successfully established (logistic regres-
sions, p < 0.001 for both germination and survival). All species ex-
cept S. malviflora had significantly lower germination at the southern 
site relative to the remaining two sites (Figure 4A). In the greenhouse 
germination study, we also found significant differences in germina-
tion across the soils from the three sites. However, only for F. roemeri 
did the southern soil have the lowest greenhouse germination rate 
(Figure 4B), so there was no consistent evidence that this site's soil 
was inhibitory for germination. In general, germination rates were 
considerably higher or comparable in the greenhouse relative to the 
field (Figure 4A,B; note the different scales), except for D. californica 
in the central soil (considerably lower than its germination rate in 
the field).

4  | DISCUSSION

In this study, we examined the population dynamics of six native 
perennials under experimental climate change within their northern 
range limits, as well as beyond the northern limits for two of the 
species. We found evidence suggesting that these species may be-
come increasingly vulnerable to decline within their current ranges 
due to warming. Contrarily, for the two range-restricted species also 
planted beyond their northern limits, projected changes in climate 

may benefit such pioneering populations. These findings support the 
expectation that species' ranges will shift with climate change.

Population growth rates for two species, R. austro-oreganus and 
F. roemeri, exhibited a latitudinal pattern, increasing from south 
to north. Annual temperatures in the PNW have already risen by 
~0.8°C during the 20th century and the rate of increase has been 
accelerating (Abatzoglou, Rupp, & Mote, 2014; Mote, 2003), indi-
cating that warmer temperatures may have caused these leading 
edge-trailing edge patterns in this system. The results of our climate 
treatments support this: a consistent result (with one exception) 
was that the warming treatments only decreased λ at sites within 
species' current ranges and increased λ at the sites beyond the 
northern limits of the two range-restricted species. This was also 
consistent with the prior experiment, in which warming reduced 
recruitment within but not beyond current ranges (Pfeifer-Meister 
et al., 2013). Increasing temperatures at sites within ranges gener-
ally caused these sites to become less hospitable, whereas increas-
ing temperatures (and reduced precipitation) at sites beyond ranges 
caused those sites to become more hospitable. These circumstances 
may be attributed to direct physiological/thermal tolerance thresh-
olds being surpassed (within ranges) or met (beyond ranges; Angert, 
Sheth, & Paul, 2011; Peterson, Doak, & Morris, 2019), or by changes 
to biotic interactions causing greater competition (within ranges) or 
facilitation (beyond ranges; Ettinger & HilleRisLambers, 2017).

Interestingly, since the negative effects of the warming treatments 
on λ within current ranges were of greater magnitude and more 

F I G U R E  4   (A) Species' site-wide germination rates across years and treatments, where lowercase letters indicate significant differences 
among sites (p < 0.05) unique to each species. (B) Greenhouse germination rates in fall 2018 for each species by experimental site soil. 
Lowercase letters indicate significant differences between site soils for a species. Bars show estimated marginal means ±95% confidence 
intervals. Note the different scales on the x-axis
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frequent than that of the drought treatment (which had only a single 
negative effect), warming itself, rather than reduced soil moisture, ap-
pears to be driving the demographic decline in this system. We have pre-
viously found that warming also had a greater influence than moisture 
on these and other species' phenological responses to climate change 
(Reed et al., 2019), and we observed a similar response for soil respira-
tion (Reynolds, Johnson, Pfeifer-Meister, & Bridgham, 2015). It seems 
that these phenomena are a function of the region's Mediterranean cli-
mate system, in which very wet soils occur throughout the winter and 
very dry soils throughout the summer until the onset of fall rains. Thus, 
there is only a narrow window in the spring growing season during 
which plants are negatively affected by changes in precipitation up to 
a 40% drought. Given the predicted rise in temperatures for the PNW 
(Mote & Salathé, 2010), these species will face increasingly difficult 
 demographic pressures within their current ranges.

We also discovered that most species failed to establish re-
productive populations at one or more sites regardless of climate 
treatment. Extremely low rates of germination and seedling survival 
drove this lack of establishment, which was especially pronounced 
in the southern site, where four of the six species could not establish 
and five of the six had their lowest rates of germination. Importantly, 
with the exception of D. californica, which was not included in the 
original experiment, these species also had an additional 3 years 
(2010–2012) for establishment to take place at the southern and 
central sites from the previous experimental legacy (Pfeifer-Meister 
et al., 2013), yet still failed to establish in most cases in the south.

Our greenhouse germination data suggest that soil conditions 
may be partially implicated in the failed establishment for F. roemeri 
in the south, but not for the other species, which germinated just as 
well in the southern soil as they did in the soil(s) from where they 
could establish in the field. Instead, an inability to cope with the biotic 
community present may have contributed to the poor recruitment 
at this site. Shortly after reestablishing this experiment, our south-
ern site became dominated by exotic annual grasses (P. B. Reed, L. E. 
Pfeifer-Meister, B. A. Roy, B. R. Johnson, G. T. Bailes, A. A. Nelson, & 
S. D. Bridgham, unpubl. data). Changes in species interactions, such 
as an increase in competition, can contribute to localized extinctions 
or demographic decline (Cahill et al., 2012; Olsen, Töpper, Skarpaas, 
Vandvik, & Klanderud, 2016). This appears to be the case at our 
southern site, where the rapid shift towards a dense cover of annual 
grasses coincided with low recruitment and, consequently, an inability 
to establish for most of our focal species. The invasive annual grasses 
which came to dominate (e.g. Bromus tectorum, Bromus hordeaceus and 
Vulpia myuros) are winter-annual species, reaching full maturity early 
in the growing season (January to April), during the period of germina-
tion for most of our focal perennials. Thus, the perennial germinants 
likely experienced a strong competitive disadvantage relative to the 
winter-annual grasses, which were able to use up resources before 
the perennial germinants had an opportunity. This shift towards an-
nual grass dominance also occurred between 2010 and 2012 and may 
become increasingly common in PNW prairies with hotter, drier con-
ditions (Pfeifer-Meister et al., 2016), suggesting that recruitment chal-
lenges for these native perennials may become more commonplace.

Given our results, expectations under future climate change for 
the two range-restricted species, R. austro-oreganus and S. malviflora, 
differ considerably. Despite establishing populations at all three 
sites and the climate treatments being generally beneficial for pop-
ulations outside its range, R. austro-oreganus exhibited consistently 
poor demographic performance (λ ≪ 1). This suggests that even if R. 
austro-oreganus could disperse beyond its range, it may face many 
challenges in maintaining viable populations. This species is endemic 
to a single county in southwestern Oregon and may be especially 
vulnerable in the future. S. malviflora, in contrast, exhibited high de-
mographic performance (λ ≫ 1) across all three sites, with higher 
population growth rates in the south and north relative to the cen-
tral site. Natural populations of this species are much less common 
in southern Oregon relative to the Willamette Valley, so its popula-
tion growth rates being lowest at our central site suggests a possible 
role of enemy escape for this species at the southern and northern 
sites (Mlynarek et al., 2017). Indeed, S. malviflora is known to be af-
fected by seed weevil larvae (Macrorhoptus ssp., among others) in 
the Willamette Valley (Young-Mathews, 2012), and we observed ev-
idence of weevil damage at our central site but not at the southern 
and northern sites (B. Roy, pers. obs.). Although the IPMs consis-
tently predicted λ > 1 for S. malviflora, the warming treatments did 
significantly reduce λ at the southern and central sites, suggesting 
it may only take a few extreme years to drive populations towards 
decline. At the northern site, beyond its range, populations exhibited 
high performance, especially under the warming treatments. Thus, if 
S. malviflora can disperse north of the Willamette Valley, our experi-
mental results suggest that it may be capable of persisting.

Across their current ranges in this experiment, M. laciniata and A. 
lemmonii both seem vulnerable to decline. Nearest its northern limit, 
M. laciniata populations experienced considerable reductions in λ 
under warming, and at the southern and central sites, failed to es-
tablish altogether due to extremely poor recruitment. Data collected 
from four natural populations across part of its range from 2015 to 
2018 support these suggestions of vulnerability, as early-season 
senescence and high rates of herbivory caused poor demographic 
performance in all populations (P. Reed, unpubl. data). Achnatherum 
lemmonii failed to establish at all in our experiment, with extremely 
low germination observed both in the field as well as in our green-
house germination study. Low germination success can be indicative 
of inbreeding depression, which is often greater in species with iso-
lated populations (Richards, 2000). While we consider A. lemmonii 
‘widespread’ across the PNW, its populations are small (a few hun-
dred plants) and markedly disjunct, suggesting inbreeding depres-
sion may be a factor leading to its decline.

While Festuca roemeri exhibited leading edge-trailing edge 
patterns in this experiment, data from natural populations of A. 
lemmonii, F. roemeri and D. californica collected between 2015 and 
2018 show an opposing pattern of λ decreasing from south to 
north (Peterson et al., in press). However, that study also showed 
that local performance of those natural populations decreases 
with warmer, drier conditions, suggesting that factors other than 
climate (e.g. habitat quality, biotic interactions) may control the 
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natural latitudinal patterns in λ, but that climate change will still 
negatively impact populations across their ranges. Thus, these 
species may be vulnerable to population decline and range con-
tractions with climate change, and their future viability may well 
depend on an increase in performance for their northern periph-
eral (leading edge) populations, as well as their potential to disperse 
to newly suitable habitats.

Demographic compensation has been hypothesized as a mech-
anism which can ‘buffer’ populations from a perturbation (e.g. cli-
mate change), potentially rescuing them from decline (Doak & 
Morris, 2010). Using a life table response experiment analysis, we 
found little evidence for demographic compensation in our focal 
species. However, we caution that our results are not entirely con-
clusive: survival and growth are two commonly opposing vital rates 
(Peterson et al., 2018), but our methods only considered their com-
bined contribution, and also did not examine potentially opposing 
responses across size classes. Thus, we may be underestimating the 
cases of compensation. Whether compensation will rescue spe-
cies in the coming decades as warming continues is unanswered, 
although other studies suggest it is unlikely (Doak & Morris, 2010; 
Sheth & Angert, 2018).

While our study provides strong evidence that climate change 
will alter demographic performance within and, for two species, be-
yond northern range limits, there are a few notable caveats. First, 
the 3-year study period is relatively short compared to the lifespan 
of these perennial plants, so it is possible that reproductive popu-
lations could establish given more time. Notably here, however, 
most species (all but D. californica), actually had 6 years of potential 
establishment at the southern and central sites (given the previous 
experiment). Second, the patterns we observed were often driven by 
germination and seedling survival, but these early-life vital rates may 
have low impact on λ relative to adult performance. Given relatively 
low adult sample sizes for some vital rates and species (Table S3), 
we lacked complete estimates of adult performance in some cases. 
Regarding the low germination in this experiment, it is also possi-
ble that the seeds are only dormant and thus still viable (Trask & 
Pyke, 1998). However, if true, our evidence suggests germination 
might be restricted to rare ‘optimal’ years. If the frequency of op-
timal years is too low to compensate for seed loss due to biotic and 
abiotic factors, the net result would still be decreasing demographic 
performance. Lastly, other site factors not related to climate, includ-
ing the biotic communities (see above Section 4), disturbance history 
and soil characteristics, may be potentially relevant in the responses 
we observed.

5  | CONCLUSIONS

To our knowledge, this study was the first to construct complete 
demographic models of multiple perennial species planted within 
and beyond their northern range limits under a climate manipula-
tion experiment embedded within a latitudinal gradient. Overall, 
our findings imply that some native perennial prairie species in the 

PNW are at risk of decline with climate change, and that these 
species may need to shift their ranges to persist in the future. 
Population decline within ranges appears to be driven by warm-
ing in this Mediterranean climate system. Increased temperature 
tended to reduce population growth rates within but not beyond 
northern range limits, and poor demographic performance within 
ranges was often attributable to low germination and seedling 
survival.

Our findings have important management implications. The 
low establishment rates of these perennial species suggest that 
transplanting larger plants may be a more effective strategy than 
seed sowing for restoration practitioners hoping to reestablish or 
manage populations under climate change (Wallin, Svensson, & 
Lönn, 2009), particularly for areas that experience a shift towards 
winter-annual grass dominance with climate change. Beyond their 
current range limits, species may be capable of establishing pop-
ulations if they can disperse to suitable habitats. Indeed, our two 
range-restricted perennials are capable of establishing north of 
their ranges (and even outperforming when compared to their cur-
rent ranges), and evidence from other transplant studies suggest 
that this is a relatively common phenomenon (Baer & Maron, 2018; 
Hargreaves et al., 2014; Norton, Firbank, Scott, & Watkinson, 2005; 
Prince & Carter, 1985; Samis & Eckert, 2009). Thus, dispersal lim-
itation may be a critical factor in the persistence of many species in 
the future, especially considering the potential for further landscape 
fragmentation. In managing for native biodiversity, these implica-
tions beg the questions: should restoration practitioners consider 
‘restoring’ based on future range suitability? Is assisted migration a 
viable option for protecting vulnerable species? The best answers to 
these questions depend upon a species’ capacity to adapt to climate 
change (Dawson et al., 2011), its potential for expansion outside its 
current range, and the value society chooses to place on protect-
ing biodiversity. This ethical dilemma may become increasingly im-
portant to debate as climate change continues to threaten species' 
persistence.
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